Changes in abundance and the risk of extinction of the rock partridge Alectoris graeca saxatilis in the Dolomitic Alps were investigated using a density-dependent model that incorporated dispersal and environmental stochasticity. The study was based on spring and summer counts collected from sample areas in geographically distinct mountain groups. Extinction probability was investigated by simulating a discrete population and a metapopulation consisting of local populations connected by dispersal. Persistence was not guaranteed when the species was examined as a discrete population. When we used a metapopulation approach, the persistence was assured but local extinctions with subsequent recolonizations of a number of empty areas were observed. The analysis was repeated using hunting statistics, when there were no restrictions on hunting policies, and a similar high extinction pattern was found. Our simulations suggested that long-term persistence of rock partridge could be guaranteed only when immigration was included into the demographic model. However, if the increased population's fragmentation recorded since the 1950s persists the extinction of some of the subpopulations appears inevitable.
INTRODUCTION
A large number of species of conservation value are declining in abundance through direct or indirect anthropogenic effects. In many cases the precise cause of such declines is rarely known simply because there are insufficient quantitative data on local population changes and the factors involved. One of the most carefully monitored groups of birds has been the galliforms, usually because hunters have an interest in their harvest. Many of the European galliform species have exhibited a decline in abundance, and the extinction of the most isolated populations is generally ascribed to agricultural intensification and changes in forest management (Trouvilliez, 1994) . Natural enemies such as predators, parasites and hunting may have also played a significant role (Hudson & Rands, 1988; Trouvilliez, 1994; Saether, 2001) . In 1990 the DGXI European Commission convened a workshop that listed 19 bird species as declining over Europe. As a result of this meeting, a European restoration programme was established for four galliform species: first, to identify the factors that could have caused their decline, and second to suggest measures to prevent further decline (Trouvilliez, 1994) . The rock partridge Alectoris graeca saxatilis was one of these species.
Both the abundance and the distribution of rock partridge have decreased since the 1960s, and at the present time in the Italian Alps the species is distributed in discrete and often isolated populations. While the causative agent for the decrease in range is associated with the fragmentation of suitable habitat, especially the increase in woodland at medium to low altitudes (Meriggi et al., 1998) , the precise mechanism that has caused the decline of the species' density is still not clear. Investigation of the hunting records from the Dolomites has identified that the dynamics are unstable, with a greater tendency to exhibit short-term cyclic fluctuations in abundance in the drier habitats . The populations in the drier habitat carry a larger infection of the caecal nematode Ascaridia compar and experimental manipulations of captive birds have found evidence that this nematode can induce a reduction in the host fecundity and potentially affect the abundance of natural populations . However, infections with these nematodes cause morIsabella M. Cattadori 1, 2 , Giovanna Ranci-Ortigosa 3 , Marino Gatto 3 and Peter J. Hudson bidity rather than mortality and other factors have probably affected the long-term decline of rock partridge in the Alps. Despite this decrease, the species is harvested every autumn in most of the Italian Alps and in all the European range of distribution with the exception of Switzerland and Austria (Bernard Laurent & De Franceschi, 1994) . Separating which factors cause short-term dynamics from those that influence the long-term trend is not always simple. There are immense logistic problems in collecting sufficient data to produce an insight into the demographic mechanisms, particularly when species are usually at low densities and estimating changes in survival and fecundity is not easy. A traditional method for answering these questions is to perform factor analysis and identify the key factor that contributes most to the year-to-year total mortality. Whilst this technique has been frequently performed in the analysis of life-table data it has limitations and problems of interpretation in the analyses of declining, threatened or low-density populations (Manly, 1990; Royama, 1996) . An alternative method is to carry out a population viability analysis to predict the extinction risk and to explore the pattern of the population under alternative management strategies or environmental events (Boyce, 1992; Norton, 1995) . Population viability analysis is widely applied in the study of endangered or threatened species, although the accuracy of prediction depends on the proper estimate of the main demographic parameters from available data, the factors causing population changes and the model selected to describe the population dynamics (Dennis & Taper, 1994; Taylor, 1995; Dennis, Kemp & Taper, 1998; Brook, 2000; Brook et al., 2000) .
In this paper we examine the changes in abundance and the extinction risk of rock partridge in the Dolomites using a population viability analysis based on count data and a density-dependent model that incorporates dispersal and environmental stochasticity.
Previous analyses of rock partridge density dependence, based on long-term harvesting data from Trentino, found that the intrinsic relationship was similar to the assumptions in the Ricker function (Cattadori, Merler & Hudson, 2000) , so we decided to base our simulation on this model. The Ricker function has been widely used for testing density dependence owing to its great flexibility (Dennis & Taper, 1994; Dennis et al., 1998) . In fact, given two demographic parameters, the intrinsic finite growth rate λ, and the intensity of density dependence b, it can generate different dynamical patterns from stable equilibrium through regular fluctuations to chaos. Thus, changing the values of these two parameters it was possible to represent the dynamics found in the rock partridge populations . To investigate the potential role of harvesting, a risk assessment was repeated for the hunting time series and compared to the population results. Hunting data were collected when there were no hunting restrictions on the number of rock partridge shot and can reasonably be considered representative of changes in population abundance .
MATERIALS AND METHODS

Study sites and population data
This study was undertaken in Trentino (6250 km 2 ), north-eastern Italian Alps, an area that includes the largest population of rock partridge in the Alps (Fig. 1) . Trentino consists of 18 main mountain groups separated by large valleys where most of the agricultural and economic activity is concentrated. Forests cover about 55% of the whole Trentino province but are expanding at about 10 km 2 each year as mountainside pastures are abandoned.
Counts were undertaken between 1994 and 1999 as part of the Provincial Forestry and Wildlife Service's Galliform Monitoring Scheme. In this study we considered a total of 29 areas, nine where both spring and summer counts were undertaken and 20 where just spring counts were carried out (Fig. 1) . Study sites (mean area: 154 ha, range: 45-360 ha) were selected to represent the variation in habitat type and to provide representative data from the different mountain groups. Each sample area was classified in relation to the mountain group in which it was located and the tendency of the population to cycle Fig. 1) . Breeding density was estimated between the first week of May and the middle of June as the number of males that responded to the playback of a recorded territorial call (Bernard Laurent & Laurent, 1984; Bocca, 1990) . Playbacks were repeated on 3 different days and the number of calling males regularly recorded was taken as the breeding abundance of males, assuming that each calling male was paired to a female (Bernard Laurent & Laurent, 1984) . Summer counts were undertaken in August in nine of the spring sites with the aid of trained pointing dogs. The summer count was not repeated and we suspected that in general the accuracy in abundance was weak, so such data should be interpreted with care. The counts were performed in areas where hunting was undertaken, and for the nine summer areas and five spring areas it was possible to record the annual number of animals harvested. Rock partridge have been regularly hunted in Trentino until the present. The hunting occurs in autumn and each year the Provincial Department of Wildlife sets the number of days available for hunting and, since 1992, the maximum number of birds allowed in each hunting area (further details in . While it was possible that hunting records underestimated low densities in certain years, the bag statistics from Trentino provide a reasonable representation of a constant proportion of individuals harvested from the total population. In fact, no restrictions on the maximum number of animals shot were imposed before 1992, and any discrepancy between the fraction harvested and that officially recorded can be assumed relatively constant. Harvesting data were available for the whole Trentino between 1965 and 1991 ( Fig. 2) , while number of hunters and days of hunting were available from 1974 to 1991. For the harvesting data analysis we used the time series from 1974 to 1991 corrected Is the rock partridge threatened in the Alps? for the number of hunters, which exhibited a constant negative trend, while the days of hunting, which remained quite stable, were not used (further details in .
Estimating the demographic parameters
To detect density-dependent relationships, changes in population abundance were examined using the Ricker function. Previous studies carried out on the spatio-temporal dynamics of rock partridge in Trentino suggested that the application of the Ricker model provided a suitable description of its density dependence. Therefore, the model we used was as follows:
( 1) where N t is the breeding-pair density in spring of year t, λ is the intrinsic annual finite growth rate and b is a constant reflecting the intensity of density dependence.
A regression with bootstrap was used to investigate the relationship between the instantaneous growth rate log(N t +1 /N t ) and the breeding-pair density N t in spring and to estimate λ and b (Dennis & Taper, 1994; Dennis et al., 1998) . As we were aware that local variations either in the growth rate or in the density dependence could have taken place between the populations, we investigated two different assumptions: (1) a common density dependence for the 29 spring areas and same values for the model parameters λ and b; (2) different parameter values for the two groups of populations classified as cyclic and as non-cyclic, respectively, as reported in . The bootstrap procedure generated 1000 new data sets by randomly resampling with replacement the data (each consisting of the 1994-99 counts) of the 29 discrete spring areas. We then performed a linear regression (or two linear regressions in case cyclic and non-cyclic groups were considered) for each new data set and calculated the regression slope and the intercept by averaging the parameters estimated from the 1000 regressions. We also performed a standard linear regression using the original data to calculate a bootstrap bias-corrected estimate (for both the slope and the intercept) as twice the parameter calculated using standard linear regression minus the parameter estimated using the bootstrap procedure.
In accordance with previous work on galliforms (Berengud, Mossop & Myrberget, 1985; Potts, 1990; Hudson, 1992) we assumed that two factors mainly affected the annual rate of increase, namely reproductive success and autumn-winter survival. The reproductive success was calculated from the count data in summer as ρ t = J t /F t (where J is the total young raised in the broods and F is the total adult females counted in summer), while total autumn-winter survival. σ, was estimated assuming that adult mortality between spring and summer was relatively low (Bernard Laurent, 1987) ,
, where Nsum t was the total population density in summer estimated as 2N t + ρ t N t . To assess if reproductive success and winter survival were regulated through density-dependent mechanisms, linear regressions with bootstrap were performed between demographic parameters and population abundance using the counts from the nine sample areas where spring and summer counts were recorded. Reproductive success was assumed to be density dependent when the parameter (or its log-transformed value) was significantly related to N t , while density dependence in winter survival was assumed when was significantly related to Nsum t . To examine the influence of hunting, we repeated the analyses, correcting the winter survival for the autumn harvesting.
Assessing extinction risk
Population data
To assess the extinction probability and the time to extinction we performed a population viability analysis using the density-dependent model obtained from the previous analysis that explicitly incorporated environmental stochasticity, so that:
where Norm(0,s) was a random number from a normal distribution with zero mean and standard deviation s, which was estimated as the standard deviation of the residuals of the linear regression of log(N t +1 /N t ) vs N t . We calculated the extinction risk using two approaches: first, we considered a discrete population that represents the average condition of the 29 spring areas; second, we used a metapopulation that consists of the 29 spring populations connected by dispersal and subject to spatially uncorrelated noise. In accordance with previous studies on galliform ecology we assumed that dispersal occurred in spring before the mating of the pairs. At this time of the year all the individuals are adults in reproductive condition and we considered the whole population behaving similarly. Differences in the dispersal behaviour of galliforms have been observed between juveniles (1 year old) and old individuals (more than 1 year old); however, no clear evidence of this difference has been found for the rock partridge (Bernard Laurent, 1991a,b) . Using the few data on radiotagged individuals available from literature we assumed that 10% of the whole population was dispersing. The analyses were repeated simulating two average dispersing distances, 5 and 15 km respectively, following Bernard Laurent (1991a,b) . We also assumed that dispersal occurred between sample areas within the same or an adjacent mountain group and that it was distance dependent, such as: 
for i≠j
where m i,j was the percentage of individuals in area i that disperse from area i to area j, d i,j was the distance in kilometres from area i to area j, α was the total percentage of dispersing rock partridges and δ was the average dispersing distance in kilometres. The metapopulation model was constructed using the Ricker function as described in equation (2), with the dispersal incorporated so that:
where A i is the area (in km 2 ) of sample unit i, and β is the percentage of dispersing individuals that successfully arrive at another suitable area. β was assumed to be equal to 50.26%, that is the percentage of suitable habitat for rock partridge in Trentino as estimated by Meriggi et al. (1998) . Nw i,t was the pair density in area i at time t after the winter mortality and before dispersal: (5) where N i,t was breeding-pair density in area i at time t. Dividing equation (4) by A i the final model with dispersal was:
We implemented 100 years Monte Carlo simulations of equations (5) and (6) for 200 times. Each area i was subjected to environmental stochasticity with similar standard deviation s, but the generated time series of random factors were uncorrelated. A range of breeding densities, recorded in the populations of Trentino, were used as quasi-extinction thresholds to calculate risk and time to extinction (Ginzburg et al., 1982) .
Harvesting data
To investigate if change in harvesting data over time was a fair representation of the population, the analyses were repeated using the corrected hunting time series from the whole Trentino between 1974 and 1991. The density dependence was investigated and the probability of extinction and the time to extinction were estimated via a Ricker stochastic demographic model: (7) where H t was the harvest per hunter at time t, and λ, b and Norm(0,s) were defined as in equation (2) and were estimated from hunting statistics. H t can be considered an index of the rock partridge average abundance of the whole Trentino. Again, 100 years Monte Carlo simulations of a discrete population were implemented 200 times using different quasi-extinction thresholds.
RESULTS
Demographic variables
In the majority of study areas (70%) the breeding density in spring was less than three pairs/km 2 . The demographic parameters of rock partridge in the 29 sample areas are shown in Table 1 but note that the average values reported do not guarantee the full consistency of the parameters (e.g. mean annual growth rate can be larger than one despite a decrease in the mean total number of breeding pairs). Generalized linear models between population variables, as dependent variable, and year, mountain group and cycle/no cycle pattern and their interactions, did not show clear temporal and spatial differences (Table 1) .
Estimating the demographic parameters
Initially, the analyses of density dependence were performed using the cyclic and the non-cyclic populations, respectively. As the bootstrap procedure did not evidence significant dependences for the two groups separately (P > 0.05), the Ricker model was applied to the whole census data. A significant negative linear relationship was found between instantaneous growth rate and breeding density (Table 2 and Fig. 3(a) ). The model predicted a stable equilibrium at 2.14 pairs/km 2 in a deterministic environment (Fig. 3(b) ); however, for N t below the equilibrium density N t+1 was only slightly larger than N t , therefore in a stochastic environment the stability at the equilibrium was lost by even modest noise. No significant density dependence in reproductive success and autumn-winter survival was found (Table 2) . When the effect of hunting on autumn-winter survival was investigated no significant relationship was observed.
Assessing extinction risk
Population data
Population viability analysis based on the Ricker model, where λ and b were estimated with a bootstrapped bias-corrected regression, predicted different patterns of extinctions using the discrete population and the metapopulation. The risk of extinction was high when a discrete population was considered (Fig.  4(a) ). For instance, it was 75% for a quasi-extinction threshold of 0.2 pair/km 2 , while for a threshold density of 1.0 pair/km 2 the probability of extinction was 100%. When the simulations were repeated considering the 29 spring populations connected by dispersal, the metapopulation never reached a complete extinction, that is, the 29 populations never simultaneously fell below the quasi-extinction threshold. Only a fraction of local populations became extinct in each simulation and the proportion increased non-linearly with the threshold of quasi-extinction (Fig. 4(b) ). For example, 48% of the 29 populations went extinct below the threshold of 0.2 pair/km 2 and the percentage was 84% for a threshold density of 1.0 pair/km 2 . No significant 75 Is the rock partridge threatened in the Alps? 
Reproductive success 2.87 ± 0. (Ind./km differences were found using an average dispersal distance of 5 or 15 km. The estimated average time for the breeding densities to reach a given quasi-extinction threshold differed between the two approaches. A discrete population took about 8 years to fall to a density of 1 pair/km 2 and about 50 years to fall to a density of 0.1 pair/km 2 (Fig. 4(c) ). When the metapopulation was considered, the average time that a local population went extinct for the first time was less than 4 years for a threshold density of 1 pair/km 2 and about 44 years for 0.1 pair/km 2 ( Fig. 4(d-1) ) The time for a local area to be recolonized after the first extinction was quite long (Fig. 4(d-3) ). For a threshold of quasi-extinction larger than 0.2 pair/km 2 the time to recolonization after first extinction was close to 8 years and slightly affected by the threshold. In contrast, the number of years that a local population was below the threshold increased with the threshold itself Is the rock partridge threatened in the Alps? (Fig. 4(d-2) ). No differences were observed using 5 or 15 km average dispersal distance.
Hunting data
The density dependence was investigated using the approach described for the count data and based on the corrected hunting time series from 1974 to 1991. Again the Ricker model well described the population dynamics (bootstrapped bias-corrected regression: 93, b =14.82 ) and a stable equilibrium at 0.044 bag/hunter was found. The intrinsic growth rate from the hunting records was sharply higher than that from the more recent count data (1.93 vs 1.22) suggesting that the population in the past exhibited better conditions. Monte Carlo simulations indicated an extinction risk of 65% at about 0.020 bag/hunter and above a threshold of 0.028 bag/hunter the probability of extinction was 100% (Fig. 5(a) ). While indirect indices of population density are often used to measure population abundance, the use of a harvesting index for a quasi-extinction threshold is less straightforward. As term of comparison we should note that hunting statistics showed a minimum of 0.023 bag/hunter in 1981 (Fig. 2) , and we suggest that a sensible quasi-extinction threshold of bags per hunter should not greatly exceed the minimum recorded in 1981. With a threshold of 0.020 bag/hunter the harvesting took about 40 years to go below this minimum, while above 0.025 bag/hunter the average time was less than 20 years ( Fig. 5(b) ).
DISCUSSION
Population viability analysis of rock partridges in the Dolomites suggests that the species has a high probability of becoming extinct within the next 100 years if there is no dispersal between local populations. Persistence was not guaranteed when a discrete population was considered, but when the populations were seen as a metapopulation the species never went completely extinct but suffered a series of local extinctions with subsequent recolonizations. If we assume an extinction threshold of 0.5 pair/km 2 , lower than the density currently recorded in many parts of the Alps, we estimated a probability of quasi-extinction of about 100% for isolated populations. By contrast, the metapopulation showed long-term persistence but the percentage of local populations that became extinct was still worryingly high (68%) at this threshold. We should emphasize that 78 I. M. CATTADORI ET AL.
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Quasi-extinction threshold (pair/km 2 ) Fig. 4 . Population viability analysis (probability of extinction and average time to quasi-extinction (± SE)) for: (a,c) a discrete population and (b,d) a metapopulation of 29 local populations connected by dispersal. For the metapopulation we reported in graph (b) the percentage of populations whose density went under the extinction threshold; in graph (d): average time of first local extinction (1); average number of years that a local population stayed below an extinction threshold (2); average time to recolonization after first extinction (3). Simulations were started from the deterministic equilibrium density. Only the outcomes of the metapopulation with 5 km dispersal distance are reported.
the sample areas used in this study were not selected at random but chosen because local knowledge identified partridges as being present at reasonable abundance; therefore they probably represented some of the best populations of rock partridge in Trentino. As a result, our analysis may describe an optimistic scenario for a large number of populations in the Alps. A study on the assessment of rock partridge's distribution in Trentino between the 1950s and the 1990s identified a contraction of the species' range and an increased population fragmentation (Meriggi et al., 1998) . More recently, results from the modelling of spatial population dynamics found a low tendency of the species to dispersal between the mountain groups (Cattadori et al., 2000) . Our results stress the danger of population fragmentation, suggesting that despite the ability of individuals to move long distances, up to 15 km (Bernard Laurent, 1991a,b) , the probability of local extinction remains high.
We used a population viability type of analysis based on the Ricker function that incorporated dispersal and environmental stochasticity. We compared two extreme possible situations: a discrete relatively large population and a metapopulation of 29 subpopulations. In both cases we adopted a density-dependent model based on demographic parameters describing a similar average situation for all the populations. Although this choice represents a limitation of our study, there are a few considerations that can justify it. First, the time series of count data in each area were quite short (5 years) and this reduced the probability of finding a significant difference of parameters λ and b between the areas. In fact, no significant regression was identified when the populations were grouped as cyclic and non-cyclic. Second, even if we could characterize each population with its own demographic parameters, we suspect that it would have been difficult to detect density dependence in populations characterized by low or very low densities, like a large number of our rock partridge populations. Third, the assumption of a common density-dependence model was tempered by the fact that the simulations to compute viability were run with each local population being hit by different environmental stochasticities, which were spatially uncorrelated. As such, we felt that our choice was the most parsimonious. Another limitation of this study has been the lack of local data on dispersal, which forced us to use data from other studies. We compared two dispersal distances (5 and 15 km) while only the dispersal rate of 10% was used. Cattadori et al. (2000) modelled the spatial dynamics of rock partridge in Trentino and estimated an average dispersal rate of 9% (C.I. at 90%: 0.00-0.367), calculated assuming a dispersal distance ranging between 5 and 100 km, the distances between the mountain groups of Trentino. Since these values, estimated from harvesting time series of rock partridge, were similar to the values used for our analysis, which were based on radiotagged individuals from a study in southern France (Bernard Laurent, 1991a,b) , we were rather confident of our results being quite reasonable.
If we consider our results and previous studies, the data suggest that after an exponential decline of the population in the Dolomites the species is now fragmented into smaller populations characterized by lower densities and low probabilities of dispersal, and affected by annual harvesting. If these conditions persist, the extinction of some of the subpopulations appears inevitable. Again, it is important to stress that we described a general scenario based on populations in relatively good conditions compared to a large number of rock partridge populations inhabiting other parts of the Alps. In terms of conservation action, greater consideration should therefore be given to generating or maintaining a number of suitable open habitats or at least corridors between some of the current rock partridge populations, for instance by preventing forest encroachment. Dispersal plays a fundamental role in the maintenance of the species and our simulations suggested that long-term persistence could only be assured when immigration was included into the demographic model. Similar conclusions have also been advocated for the rock partridge in the National Park of Berchtesgaden (Germany) (Stephan, Brendel & Wissel, 1995) .
The risk of extinction estimated from the hunting time series when no hunting restrictions were applied was similar to the findings from the count data at the present. Two mutually exclusive hypotheses could explain this evidence. First, harvesting, be it regulated or non-Is the rock partridge threatened in the Alps? regulated, does not cause a major effect on rock partridge extinction risk; second, the hunting restrictions started in 1991 have been inadequate to change the extinction risk in the species. The scenarios using the viability analysis and the hunting records also suggest that by increasing the harvesting per hunter, the higher the probability of extinction and the shorter the time to fall below the extinction threshold. Therefore, we suspect that hunting could potentially affect the persistence of some of the fragmented populations of rock partridge in Trentino when overharvesting takes place. It is worth remarking that these conclusions were based on the use of population viability analysis, an unconventional way to analyze hunting time series, and assuming that harvests per unit effort are a true and fair representation of the trend in the actual population.
The scenario described for the rock partridge in Trentino is not too dissimilar from what we should expect for other gamebirds inhabiting this province. Detailed analyses of the four grouse species harvesting data found that the populations have been decreasing in density in the last 40 years in the whole Trentino, and modelling of the spatial dynamics suggested that the dispersal rate is relatively low for capercaillie (Tetrao urogallus) and hazel grouse (Bonasa bonasia) while it is reasonably good for rock ptarmigan (Lagopus mutus) and black grouse (Tetrao tetrix) , 2001 Cattadori et al., 2000) . The hunting of capercaillie and hazel grouse has been forbidden since 1987 but the species are still declining up to the present. If we add the fact that important changes in forest management are affecting the woodland at medium and low altitude, which is the habitat used by capercaillie and hazel grouse, we can conclude that the extinction of the more isolated populations seems predictable in a relatively short period of time. In this broader context, the methods proposed in this study for the rock partridge could well be applied to describe the scenarios of each of these species.
Many hypotheses have been proposed to explain the decline of the rock partridge in the Alps. While the causative agents for the contraction in the distribution seems to be the increase of woodland at medium to low altitudes (Meriggi et al., 1998) , insufficient data are available to explain the exponential decline of the species' density. Salvini & Colombi (1983) suggested that one of the main causes was a macroparasite infection that started in the eastern Italian Alps in the 1950s and affected the western regions in the 1970s. No empirical data were available to support this hypothesis, although macroparasites tend to cause massive mortality and an epidemic caused by a microparasite would be likely to have caused a rapid decline of the species. In the French Alps, macroparasites had a low impact on the annual mortality of natural populations (Belleau, 1993) , while predation during the winter months was the principal cause of death (85%; Bernard Laurent, 1989) . Recently, Bernard Laurent & Léonard (2000) have suggested a possible negative effect of unfavourable climatic events on the long-term dynamics. We do not refute this hypothesis but we suspect that climate should be considered more as an additive effect rather than as a major primary cause of this decline. The problem of overharvesting causing the decrease in rock partridge has been suggested by previous workers (De Franceschi, 1988; Priolo & Bocca, 1992) . In the Italian Alpine districts, the hunting of galliform birds is now regulated by setting a maximum quota to harvest and restricting the hunting to local people (Rossi, Meneguz & De Meneghi, 1988; Bocca & Grimod, 1989; . These hunting restrictions are relatively recent and it is possible that harvesting pressure was strong enough to cause a reduction of stocks during the 1960s (Bernard Laurent & De Franceschi, 1994) . The negative trend in rock partridge has been recorded in other Alpine regions with different hunting management schemes (Cattadori & Hudson, 2001 ) and it would be more likely that hunting was rather a contributory factor in this decline.
In conclusion, more attention should be given to identifying the causes of rock partridge's decline and to formulate action plans for the local government to reduce the fragmentation and isolation of the subpopulations. We have investigated the future of the rock partridge in the Dolomites; however, the scenario we have outlined could be applied with some caution to this and other galliform species over their Alpine range of distribution. If the present situation persists, the extinction of a large number of rock partridge isolated groups appears inevitable.
